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a  b  s  t  r  a  c  t

Aquatic  ecosystems  are  amongst  the  most  heavily  altered  ecosystems  and  exhibit  a disproportional  loss
of biodiversity.  Numerous  stressors,  such  as  nutrient  enrichment,  contaminant  pollution,  sedimentation
and  alterations  in  stream  hydrology  and  habitat  structure,  account  for  these  losses.  Understanding  these
forces  is  of utmost  importance  to  prevent  riverine  ecosystems  from  further  deterioration  and  to  provide
helpful  insights  for restoration  practices.  In the  present  study,  we  analyse  the response  of  biological
indicators  to a large  number  of  environmental  factors.  For  this,  benthic  invertebrate  assemblages  from
83 sites  in  Germany  were  described  based  on 25  metrics  from  four  different  metric  types.  The condi-
tion  of  the  sites  was  described  using  27  environmental  factors:  13  for water  quality,  4  for  land  use  in
the catchment  and  10  for local  scale  habitat  structure.  The  relative  importance  of single  environmen-
tal  predictors  or  predictor  combinations  for  benthic  invertebrate  assemblages  was  analysed  with  single
and multiple  linear  regression  models.  The  results  for the  latter  models  were statistically  supported
via  a bootstrap  approach.  The  models  revealed  the importance  of water  quality  and  catchment-scale
land  use  in  explaining  benthic  invertebrate  assemblages;  in  particular,  chloride,  oxygen,  total  organic
carbon  and  the  amounts  of artificial  surfaces  and  arable  land  were  the  most  important  predictors.  Mod-
els including  solely  structural  variables  such  as plan  form,  bank  structures  and  substrate  diversity  had
lower goodness  of  fit  values  than  those  for  other  variables.  Regarding  the four  different  assemblage  met-
ric  types,  functional  metrics  had on average  lower  goodness  of  fit  values  than  composition/abundance,

richness/diversity  and  sensitivity/tolerance  metrics.  Among  the  richness/diversity  metrics,  however,  the
model  results  for the  Shannon–Wiener  and  Simpson  diversity  indices  and  evenness  were  poor.  Our  results
show  that  catchment-related  factors  and  water  quality  were  of  overriding  importance  in  shaping  biodi-
versity  patterns  and  causing  species  loss.  In  contrast,  structural  degradation  at  a  local  scale  was  not  the
most  significant  stressor.  This  finding  might  explain  why  structural  restoration  at  a reach  scale  often  yields

nd  m
a low  benefit–cost  ratio  a

. Introduction

Conserving nature and preserving biodiversity represent major
hallenges facing today’s ecologists. As freshwater ecosystems are
mongst the most heavily altered ecosystems and display a dis-
roportional loss of biodiversity (Geist, 2011), it is of utmost

mportance to understand the relative importance of the driv-

ng forces of species loss. Freshwater organisms face numerous
tressors, such as nutrient enrichment, contaminant pollution,
edimentation and alterations in stream hydrology and habitat
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ay  be  considered  to represent  inappropriate  investment  prioritisation.
©  2012  Elsevier  Ltd.  All  rights  reserved.

structure (Allan, 2004). Among these stressors, the recently most
significant and widespread in Europe are expected to be diffuse
water pollution from intensive land use and physical degradation
of water ecosystems (EU Commission, 2007). Because diffuse water
pollution is more difficult to pinpoint and often less discernible,
restoration efforts commonly focus on the most obvious constraint,
which often is physical degradation. Consequently, restoration
projects commonly aim at reconstructing a channel form that is
similar to a historic form or that of a least-disturbed reference
site (Palmer, 2009). For example, rivers have been re-meandered
or re-braided (Jähnig and Lorenz, 2008; Lorenz et al., 2009); dead
wood has been donated to structure river beds (Sundermann et al.,
2011a); or boulders that once were removed to ease timber float-

ing have been replaced to enhance habitat diversity (Nilsson et al.,
2005). Thus, restoration efforts are often carried out at the reach
scale, extending for only several hundred metres up to a few
kilometres in length. Also, restoration efforts are often focused on

dx.doi.org/10.1016/j.ecolind.2012.12.003
http://www.sciencedirect.com/science/journal/1470160X
http://www.elsevier.com/locate/ecolind
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Fig. 1. Location of the 83 in

each scales, simply because of costs and policy difficulty. Yet, it
as been speculated that water quality or other large-scale fac-
ors are of overriding importance (Palmer et al., 2010; Sundermann
t al., 2011a,b; Haase et al., 2013). If this is the case, structural
estoration at a reach scale is anticipated to have a low benefit–cost-
atio and may  be considered to represent an inappropriate mode of
nvestment prioritisation. Indeed, only a minority of reach-scale
estoration projects in Europe and in the US significantly have
nhanced biodiversity, and the underlying mechanism is subject
o controversial discussions (Blakely and Harding, 2005; Kowalik
nd Ormerod, 2006; Larson et al., 2001; Ledger and Hildrew,
005; Palmer et al., 2010; Sundermann et al., 2011a; Suren and
cMurtrie, 2005).
Consequently, the gap in knowledge related to the relative

mportance of anthropogenic stressors in shaping freshwater com-
unities needs to be bridged. The purpose of this study is

o investigate which environmental predictors predict species
omposition and abundance structure of benthic invertebrate
ssemblages and whether water quality or land use in the catch-
ent, are of overriding importance compared to local scale habitat

tructure. In this context, we will analyse 25 biological indicators
rom four metric types and test how closely they are related to envi-
onmental predictors. In addition, we will analyse whether single
nvironmental predictors or a combination of various predictors
xplain benthic invertebrate assemblages best.

To this end, we analyse the species composition and abundance
tructure of benthic invertebrate assemblages at 83 sites in high-
and rivers in Germany. The investigated dataset encompasses a
arge stressor gradient, as it contains reference sites as well as
everely modified sites. Determining the relative importance of
nvironmental predictors in riverine ecosystems will help us to pre-
ent riverine ecosystems from further deterioration, identify flaws
n river restoration concepts and will provide helpful insights for
ptimising restoration projects in the future.

. Materials and methods
In the present study, 83 fine substrate dominated siliceous high-
and rivers in Germany were investigated (Fig. 1). The amount of
recipitation in the study area ranges from 650 and 950 mm per
ear with maxima during summer months. The climate is moderate
ated streams in Germany.

with generally warm summers and mild winters. All sites are in
second to fourth-order streams (Strahler system) at elevations
between 119 and 304 m above sea level with small catchment areas
between 10 and 189 km2. The benthic invertebrate assemblages
were recorded at each site. In addition, water quality was  charac-
terised at each site using 13 physicochemical variables; 10 variables
were compiled describing the degree of structural degradation at a
site; and 4 variables were employed to characterise the land use in
the catchment.

2.1. Benthic invertebrate assemblages

The samples originated from routine surface water surveys
according to the protocol for collecting samples in river monitoring
programs to assess the ecological status of rivers in Germany (Haase
et al., 2004). The samples were collected from March to July in 2004
to 2008. The sampling method is based on sampling microhabitats
according to their coverage at the sampling site (multi-habitat
sampling). All microhabitats in a 100-m-long stream section
are recorded in 5% coverage intervals, and each “sampling unit”
(25 cm × 25 cm)  is sampled using a handnet (mesh size: 0.5 mm)  via
the kick sampling method. A complete sample is comprised of 20
sampling units which are pooled for further analysis (total samp-
ling area of 1.25 m2). The organisms are sorted from the sediments
in the laboratory and identified according to the “Operational
Taxalist for Running Water in Germany” (Haase et al., 2006, http://
www.fliessgewaesserbewertung.de/en/download/bestimmung/).
The mean number of taxa and individuals collected and identified
from each sample was 30.3 ± 11.4 and 1749 ± 1239. To describe
the benthic invertebrate assemblages in the samples, 25 metrics
were calculated for each site. These metrics can be divided into
four metric types: composition/abundance, richness/diversity,
sensitivity/tolerance and function (Hering et al., 2004) (Table 1).
As the three sensitivity/tolerance metrics are not self-explanatory,
they will be explained here. The river-type-specific multi-metric
index (MMI)  is a German national metric that describes the general
degradation of a site. For each river type, the MMI  is composed of

three to five metrics scaled to values between zero and one, with
class boundaries at scoring intervals of 0.2 (Böhmer et al., 2004). The
Biological Monitoring Working Party (BMWP) System was set up
in Great Britain to recommend a biological classification system

http://www.fliessgewaesserbewertung.de/en/download/bestimmung/
http://www.fliessgewaesserbewertung.de/en/download/bestimmung/
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Table  1
Analysed metrics.

Metric type Name of metric Short name Min  Max  Mean References

ca Ephemeroptera, Plecoptera and
Trichoptera percentage of
abundance

EPT% 3.7 71.2 33.9

rd  Number of taxa #Taxa 11 62 30
rd Number of genera #Genera 11 52 26
rd  Number of families #Families 9 34 20
rd  Number of Ephemeroptera,

Plecoptera and Trichoptera
#EPT 1 36 12

rd Number of Ephemeroptera,
Plecoptera, Trichoptera,
Coleoptera, Bivalvia and Odonata

#EPTCBO 2 44 16

rd  Simpson diversity index Simpson 0.44 0.96 0.84 Simpson (1949)
rd  Shannon-Wiener diversity index Shannon 0.94 3.48 2.44 Shannon and Weaver (1949)
rd  Evenness Evenness 0.35 0.97 0.73 Magurran (1983)
st Multi metric index MMI  0.00 0.88 0.3 Böhmer et al. (2004)
st Biological Monitoring Working

Party
BMWP  25 218 97 Hawkes (1998)

st Average Score Per Taxon ASPT 3.13 7.52 5.4 Armitage et al. (1983)
f  Percentage of active filter feeders ActFilFeeder 0.0 31.8 4.2 Moog (1995),  Schmedtje & Colling

(1996), Hering et al. (2004)
f  Percentage of gatherers and

collectors
GathColl 8.2 63.7 25.6

f  Percentage of grazers and scrapers GrazScra 2.2 50.6 25.6
f  Percentage of passive filter feeders PasFilFeeder 0.0 60.0 8.2
f Percentage of predators Predator 1.0 27.3 11.3
f  Percentage of shredders Shredder 0.4 49.4 13.3
f Percentage of xylophagous taxa Xylophagous 0.0 4.3 0.3
f  Rao diversity: Reproduction Reproduction 1.3 13.7 7.7 Tachet et al. (2000)
f  Rao diversity: Dispersal Dispersal 1.3 6.3 3.6 Botta-Dukát (2005)
f Rao  diversity: Resistance Resistance 0.1 4.9 2.2
f  Rao diversity: Locomotion Locomotion 0.9 9.0 5.2
f Rao  diversity: Feeding Type FeedingType 2.3 13.7 5.6
f  Rao diversity: Substrate Preference SubstratePref 2.7 11.4 7.8

Metric types: ca, composition/abundance metrics; rd, richness/diversity metrics; st, sensitivity tolerance metrics and f, functional metrics. Based on all 83 sites, the minimum
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min),  maximum (max) and mean values are given for each metric.

or use in national river pollution surveys (Hawkes, 1998). The
MWP  score equals the sum of the tolerance scores of all benthic

nvertebrate families in a sample. When the BMWP  score is high,
he water quality is good. The Average Score Per Taxon (ASPT) is
he BMWP  score of the sample divided by the number of scoring
amilies that contributed to the BMWP  score (Armitage et al., 1983).
hese metrics were calculated with ASTERICS, Version 3.01 (http://
ww.fliessgewaesserbewertung.de/download/berechnung).

We use the R 2.15.0 statistical software package (R Dvelopment
ore Team, 2012) to calculate Rao’s quadratic entropy (Botta-
ukát, 2005) as a measure of diversity for six functional traits.
ach of the six traits were described by several categories
listed in brackets): reproduction (ovoviviparity, isolated eggs,
lutches, asexual reproduction), dispersal (aquatic passive, aquatic
ctive, aerial passive, aerial active), resistance (eggs/statoblasts,
ocoons, diapause/dormancy, none), locomotion (flier, surface
wimmer, full water swimmer, crawler, burrower, interstitial, tem-
orarily attached, permanently attached), substrate preference
flags/boulders/cobbles/pebbles, gravel, sand, silt, macrophytes,

icrophytes, twigs/roots, organic detritus/litter, mud), and feed-
ng type (absorber, deposit feeder, shredder, scraper, filter-feeder,
iercer, predator, parasite) (Tachet et al., 2000).

Reference sites as well as heavily degraded sites were sampled,
s documented by the large gradient in metric values obtained
Table 1). Prior to analysis, the metric variables were transformed
counts:

√
x, percentages:

√
(x/100)) to make their sampling vari-

nce more equitable.
2.2. Water quality (physicochemical variables)

Data on the following physicochemical variables were avail-
able for all investigated sites: ammonium, chloride, total nitrogen,
nitrate, orthophosphate, total phosphorus and total organic carbon
(TOC), calcium, magnesium, total hardness, electrical conductivity,
water temperature and oxygen. The variables were usually mea-
sured monthly between the years 2002 and 2007. An average of
32.2 ± 16.7 recordings was performed for each variable at each
site. The lowest number of recordings per variable and site was  10.
For most variables, the negative impact on an organism increases
with increasing concentrations. For all of these variables, we  calcu-
lated the 90th percentile for analysis. This value was  used instead
of the maximum to give less weight to outliers or single spikes.
However, the opposite pattern was  observed for oxygen: the lower
the concentration, the higher the stress on the majority of benthic
invertebrates. Thus, we used the 10th percentile for the analysis of
the oxygen data. All physicochemical variables were transformed
(log(x + 1)) as necessary prior to analyses to approach normality.

Threshold values expected to be relevant for benthic
invertebrates were predetermined for the following physico-
chemical variables by the German Working Group of Water
Issues of the Federal States and the Federal Government (LAWA,
1998): ammonium (≤0.38 mg  l−1), chloride (≤100 mg  l−1), nitrate
(≤11 mg  l−1), orthophosphate (≤0.3 mg l−1), oxygen (≥6 mg  l−1)
and TOC (≤5 mg  l−1) (direction of the threshold indicates optimal
conditions).

http://www.fliessgewaesserbewertung.de/download/berechnung
http://www.fliessgewaesserbewertung.de/download/berechnung
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.3. Local scale habitat structure

The river habitat survey method of LAWA (Kamp et al., 2007)
as used to assess the small-scale habitat structure of a site. This
ethod considers a 100-m-long stream section for which a total of

6 variables are investigated, such as erosion, flow diversity, bank
tabilisation, constructions, substratum type, cross-section form,
egetation and land use in the floodplain (Kamp et al., 2007). Each
f the 26 variables is assigned to one of the following six categories:
lan form, longitudinal profile, bed structures, cross-section, bank
tructures and floodplain corridor (for details, see Kamp et al.,
007). Each variable in the six categories can take integer values
etween 1 (undisturbed) and 7 (completely disturbed).

Moreover, information regarding the variation in river width
nd river depth, riparian land use and substrate diversity was com-
iled for each site. Variations in river width and river depth were
stimated based on a 5-step scale, where 5 refers to high vari-
bility, similar to what occurs under reference conditions, and 1
efers to very low variability. This estimation was performed by the
ame person who  sampled the benthic invertebrates at the corre-
ponding site. Additionally, riparian land use was recorded at each
ite by noting which land use categories were present within a
00-m stream section. The land use categories were divided into
hree groups accounting for land use intensity: (a) native forest
nd fallow; (b) grassland, timber and parks; and (c) urban areas
nd agricultural crop land. The three groups were assigned corre-
ponding scores of (a) +2, (b) +1 and (c) 0. If the land use at a site
elonged to only one of the three groups, the corresponding score
as assigned to this site. When the land use at a site belonged to

wo or all three groups, the mean values were calculated.
To describe the substrate diversity at a site, Shannon–Wiener

iversity (Shannon and Weaver, 1949) was calculated based on
stimation of the coverage of microhabitats (see Section 2.1).

.4. Catchment-scale land use

We  calculated the proportion of Corine Land Cover (CLC2000,
ww.eea.europa.eu/) classes in the catchment as follows: (1) artifi-

ial surfaces (CLC class 1), (2) arable land and permanent crops (CLC
lasses 2.1 and 2.2), (3) pastures and heterogeneous agricultural
reas (CLC classes 2.3 and 2.4) and (4) forest and other “natural”
over (CLC classes 3–5). Prior to the analysis, the metric variables
ere transformed (

√
(x/100)) to make their sampling variance more

quitable.

.5. Analysis

Environmental predictors (water quality, land use and habitat
tructure) were tested for collinearity (Spearman Rank Correla-
ion Test). Moreover, a principal component analysis (PCA) was
alculated in order to test whether the number of environmental
redictors can be reduced by summing them up in PCA axis 1 and
ossibly also PCA axis 2. To describe the range in the conditions of
he analysed sites, the values for all 83 sites were plotted separately
or the selected environmental predictors (Fig. 2). Regression mod-
ls were calculated using each biocoenotic metric as the dependent
ariable and the environmental predictors (water quality, land
se and habitat structure) as independent variables. To determine
he regression model that fits most of the combinations best, we
alculated a set of 27 most common regression models for each
ombination, e.g. exponential, log probit, logistic and reciprocal
odels. This resulted in a total of 14,175 models being exam-
ned (25 metrics × 21 environmental predictors × 27 regression
odels). A list of the calculated regression models is available as

upporting information in the online version of the article. The rela-
ionship between environmental predictors and single metrics was
ndicators 27 (2013) 83–96

analysed by calculating simple linear regression models. To predict
metric results from a combination of environmental predictors,
we used multiple linear regression (MLR) models. In a first step, a
“full model” was  calculated. By default, this model includes (a) all
variables for water quality, (b) all variables for land use or (c) all
variables for habitat structure. In a second step, we aimed at devel-
oping a simpler, yet adequate model with a reduced number of
predictors (“reduced model”). For this end, we used an automated
selection procedure to select only the most significant variables
for the reduced model; specifically we conducted backwards
elimination and considered the significance of the Akaike Infor-
mation Criterion (AIC). From hereafter the resulting model is
called “best” model. When using AIC as model selection method,
it is important to show how well the “best” model compares to
alternative or competing models. It is often the case that the best
model is hardly distinguishable from competing models. In order
to overcome these flaws, the AICc (the small sample unbiased AIC)
was recorded in the backwards elimination process. Competing
models were identified by comparing the AICc values with that of
the best model. Almost as good models were defined as those with
�AICc ≤ 2 as recommended by Burnham and Anderson (2001).
All variables which remained in the competing models were
also recorded. Often a slight change in the data might lead to a
different set of variables which remain in the model. To account for
this, a bootstrap of the entire stepwise regression procedure was
accomplished. For each model b = 1000 bootstrap resamples of the
83 sites were calculated to assess the frequency and occurrence
of each of the environmental predictors in the fit of the reduced
models.

Supplementary data associated with this article can be
found, in the online version, at http://dx.doi.org/10.1016/j.ecolind.
2012.12.003.

Besides calculating models for either (a) all variables for water
quality, (b) all variables for land use or (c) all variables for habitat
structure, we aimed to calculate MLR  models including (d) environ-
mental predictors from all three groups (water quality, land use
and habitat structure). However, to avoid problems due to over-
parameterisation (Freedman and Pee, 1989; Pietrobon et al., 2004),
we reduced the number of environmental predictors to only those
taken into account in at least five of the reduced models calculated
under (a), (b) or (c).

3. Results

3.1. Collinearity of predictors

Some of the environmental predictors showed high collinea-
rity, e.g., combinations of calcium, chloride, electrical conductivity,
total hardness and magnesium (Spearman’s rho ≥ 0.85, Table 2).
To reduce the number of variables, calcium, electrical conductivity,
total hardness and magnesium were excluded from the analyses. As
a representative of this group of variables, chloride remained. Total
phosphorus and total nitrogen were also excluded from further
analyses, as these predictors are highly correlated with orthophos-
phate and nitrate (Spearman’s rho > 0.89). The decision to retain
chloride, orthophosphate and nitrate in the analysis was based on
the assumption that these variables have a more direct effect on
benthic invertebrates than the other variables. A PCA was  calcu-
lated, including the remaining variables. PCA axis 1 (28.5%) and
PCA axis 2 (13.4%) accounted for only a fairly small amount of the
total variance. Correlation of variables with PCA axis 1 was high-
est for plan form (−0.30). Thus, the low percentage of variance

explained and the low correlation of variables with PCA axis 1 did
not suggest a further reduction in the number of variables nor did
the results suggest for using PCA axis 1 as a surrogate variable in
further analyses.

http://www.eea.europa.eu/
http://dx.doi.org/10.1016/j.ecolind.2012.12.003
http://dx.doi.org/10.1016/j.ecolind.2012.12.003
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Table 2
Collinearity between predictors: correlations (Spearman’s rho) are shown below the diagonal, and p-values are shown above the diagonal. The level of significance has been adjusted according to the high number of pairwise
comparisons. ***p < 0.0001, **p < 0.001, *p < 0.01. Bold: Predictors that showed high collinearity (Spearman’s rho > 0.85) and were consequently excluded from further analyses.

Water quality Physicochemical variables

Ammonium Calcium Chloride Electrical
conductivity

Total
hardness

Total
phosphorus

Magnesium Total
nitrogen

Nitrate Orthophosphate Oxygen Total organic
carbon

Water
temperature

Ammonium *** * ** * *** * ***
Calcium  0.20 *** *** *** *** *** *** *** ** *
Chloride  0.43 0.67 *** *** *** *** *** *** *** *** *** ***
Electrical  conductivity 0.30 0.92 0.86 *** * *** *** *** * *** *** ***
Total  hardness 0.18 0.98 0.65 0.92 *** *** *** *** ** **
Total  phosphorus 0.36 0.24 0.42 0.34 0.27 * * *** * *** ***
Magnesium  0.05 0.82 0.55 0.79 0.91 0.24 *** *** *** ** **
Total  nitrogen 0.32 0.53 0.45 0.53 0.53 0.33 0.42 *** * *** ***
Nitrate  0.23 0.56 0.43 0.54 0.54 0.31 0.42 0.99 * **  ***
Orthophosphate  0.41 0.25 0.45 0.35 0.26 0.89 0.21 0.34 0.32 **  *** **
Oxygen  −0.34 −0.45 −0.47 −0.54 −0.47 −0.35 −0.47 −0.42 −0.40 −0.36 *** ***
Total  organic carbon 0.47 0.36 0.55 0.49 0.39 0.66 0.38 0.47 0.43 0.63 −0.60 ***
Water  temperature 0.26 0.35 0.64 0.52 0.37 0.42 0.38 0.14 0.11 0.36 −0.54 0.56
Artificial  surfaces −0.01 0.42 0.59 0.55 0.43 0.36 0.39 0.01 −0.51 0.22 −0.20 0.01 0.55
Arable  land 0.31 0.69 0.42 0.66 0.71 0.46 0.68 0.63 0.67 0.40 −0.52 0.48 0.23
Pastures  −0.18 −0.52 −0.44 −0.55 −0.50 −0.26 −0.42 −0.31 −0.33 −0.29 0.41 −0.20 −0.24
Forest  −0.12 −0.57 −0.33 −0.54 −0.59 −0.46 −0.58 −0.41 −0.44 −0.29 0.40 −0.39 −0.25
Plan  form −0.03 0.42 0.43 0.48 0.44 0.32 0.45 0.16 0.18 0.25 −0.09 0.24 0.30
Longitudinal  profile −0.02 0.31 0.24 0.31 0.36 0.37 0.41 0.01 0.03 0.26 −0.07 0.21 0.30
Cross-section  0.02 0.47 0.30 0.45 0.47 0.19 0.43 0.23 0.25 0.07 −0.21 0.12 0.27
Bed  structures 0.06 0.39 0.30 0.39 0.41 0.37 0.40 0.15 0.15 0.33 −0.14 0.30 0.28
Bank  structures −0.11 0.41 0.19 0.38 0.41 0.16 0.39 0.19 0.23 0.06 −0.07 0.16 0.11
Floodplain  corridor 0.07 0.21 0.23 0.20 0.16 0.19 0.08 0.20 0.22 0.09 −0.01 0.09 0.05
Variance  river width −0.08 −0.20 −0.22 −0.21 −0.20 −0.07 −0.24 0.00 0.03 −0.04 0.17 −0.17 −0.43
Variance  river depth −0.09 −0.28 −0.30 −0.31 −0.30 −0.17 −0.31 −0.17 −0.15 −0.12 0.20 −0.32 −0.39
Riparian  land use −0.09 −0.08 −0.23 −0.16 −0.07 −0.17 −0.02 −0.11 −0.08 −0.05 0.13 −0.15 −0.16
Substrate  diversity 0.01 −0.01 0.02 0.05 0.02 −0.01 0.07 0.05 0.06 0.02 −0.17 0.07 0.00

Land  use Habitat structure
Structural variables

Artificial surfaces Arable
land

Pastures Forest Plan form Longitudinal
profile

Cross-section Bed
structures

Bank
structures

Floodplain
corridor

Variance
river width

Variance
river depth

Riparian land
use

Substrate
diversity

*
**  ** ** ** *** * *** ** **
**  ** ** * *** * * *
**  ** ** ** *** * *** ** ** *
**  ** ** ** *** ** *** ** ** *
*  ** ** * ** **
**  ** ** ** *** *** *** ** ** *

**  *  **
**  ** *  **

**  *  * *
**  ** **
**  ** * *

**  * * * * *** **
*  *** *** * *

0.14  ** ** * ** * *
−0.31  −0.60 *
−0.34  −0.70 0.13 **
0.49  0.28 −0.26 −0.27 *** *** *** *** ** **
0.43  0.21 −0.13 −0.27 0.70 *** *** *** * * **
0.29 0.39  −0.27 −0.39 0.62 0.42 *** *** *** *
0.29  0.34 −0.33 −0.22 0.71 0.70 0.43 *** * ** *
0.21  0.31 −0.28 −0.24 0.59 0.45 0.64 0.56 *** *
0.21  0.21 −0.23 −0.10 0.41 0.31 0.45 0.32 0.79 * ***
−0.23  −0.08 0.20 0.04 −0.26 −0.31 −0.21 −0.38 −0.26 −0.21 ***
−0.26  −0.15 0.19 0.06 −0.39 −0.40 −0.29 −0.29 −0.34 −0.34 0.66
−0.28  −0.08 −0.02 0.16 −0.24 −0.05 −0.21 −0.12 −0.15 −0.47 0.13 0.24
0.02  0.09 0.00 0.01 −0.09 −0.07 −0.05 −0.09 −0.07 −0.13 0.09 −0.03 −0.07
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Table 3
Differences in the goodness of fit (given in as a percentage) between the linear model and any of the other 27 models. For description of metric types, see Table 1.

Metric Metric type Water quality
Physicochemical variables

Land use

Ammonium Chloride Nitrate Orthophosphate Oxygen Total organic carbon Water tem-
perature

Artificial
surfaces

Arable
land

Pastures Forest

EPT% ca 13.1 9.7 1.8 4.1 0.7 7.0 0.6 0.2 1.9 7.2  3.8
ActFilFeeder f  5.3 2.2 0.6 3.6 0.7 6.2 2.1 1.8 1.0 1.6  2.9
GathColl f 3.8  0.4 0.4 2.0 0.2 1.1 0.8 0.6 1.9 2.4  1.0
GrazScra  f 16.8 5.3 0.7 4.3 1.9 1.7 1.5 0.3 1.8 6.7  3.6
PasFilFeeder f  0.5 1.5 0.7 0.9 2.7 1.8 3.1 0.2 5.8 5.1  3.3
Predators f  0.3 1.5 2.4 0.4 0.0 1.0 0.4 0.2 0.9 0.1 0.5
Shredders f 0.7  0.4 2.2 0.7 0.2 0.4 0.5 0.9 0.4 1.0 0.5
Xylophagous f 5.8  1.8 0.5 0.2 0.3 0.1 1.0 0.8 0.3 1.6  0.5
Reproduction  f 3.1 0.8 0.1 2.6 0.4 0.1 1.0 0.7 1.8 3.0 0.7
Dispersal  f 8.1 2.7 2.8 0.3 3.0 0.8 6.1 6.2 1.6 2.1  2.8
Resistance f 1.6  11.0 2.7 8.0 8.1 5.8 7.2 5.9 7.6 3.9  7.6
Locomotion f 1.3  7.0 3.3 0.6 4.6 2.3 3.3 3.6 4.4 2.8  5.8
FeedingType f 9.2  3.0 1.7 5.3 0.0 5.1 3.8 3.7 0.8 0.4 1.3
SubstratePref  f 1.2 0.3 2.8 4.5 0.3 0.5 0.5 0.5 0.1 2.9  1.0
#EPT rd  17.0 7.7 1.1 2.5 5.6 1.7 4.3 2.9 2.4 4.0 7.5
#EPTCBO rd 16.6  7.3 1.2 2.0 4.7 0.7 4.3 4.8 2.1 8.0 4.2
#Families rd 10.5  6.4 1.2 1.6 1.2 0.8 3.1 4.6 1.0 3.2  0.0
#Genera rd 11.0  5.6 1.0 0.9 1.3 0.1 4.0 7.4 2.0 4.1  0.0
#Taxa  rd 12.6 5.9 0.9 1.5 1.4 0.3 3.8 8.4 0.8 3.2  0.1
Shannon rd  8.3 7.0 2.3 5.0 0.2 0.9 0.1 0.7 2.4 2.5  1.0
Evenness rd  1.3 1.8 1.5 3.1 0.3 0.8 0.1 0.0 2.1 0.8 1.2
Simpson rd  3.9 3.6 4.7 3.4 0.1 1.3 1.3 0.9 2.6 1.5  2.6
ASPT st  10.1 5.5 1.2 0.7 1.6 1.2 1.4 2.6 0.8 3.3  0.4
BMWP st  15.5 6.9 1.5 3.3 3.1 1.1 4.5 5.4 1.0 4.9  0.8
MMI st 12.9  11.1 0.3 6.1 2.1 4.6 0.1 0.0 0.0 4.0 0.1

Habitat  structure
Structural variables

Plan form Longitudinal
profile

Cross-
section

Bed
structures

Bank
structures

Floodplain
corridor

Variance river width Variance river depth Riparian land use Substrate
diversity

0.4 1.1 0.1 0.1 0.3 0.1 3.5 2.8 0.3 0.3
0.8  2.8 0.6 0.1 0.3 0.6 5.0 2.5 0.4 2.3
0.8  0.4 0.7 0.4 1.6 0.1 3.5 2.7 0.0 1.7
0.6  0.1 0.7 1.7 0.7 0.2 0.6 1.9 0.2 0.5
2.5  2.7 2.0 3.4 1.7 1.5  0.8 1.1 0.0 2.9
0.3  0.6 2.8 0.9 0.0 2.4  0.7 0.3 1.5 1.7
2.0  0.3 1.2 0.4 0.2 0.4 0.5 0.6 0.0 0.7
0.5  1.1 1.6 0.2 0.2 1.6  0.3 0.0 1.6 0.5
1.0  2.1 0.7 0.4 0.6 4.9  3.6 2.3 1.5 0.8
4.1  0.1 0.7 3.5 1.8 2.0 0.8 1.9 1.3 6.7
7.5  0.0 3.2 6.1 1.6 1.3  3.8 0.8 3.1 1.1
2.1  0.4 1.3 2.6 0.9 0.5 0.1 0.3 0.0 1.6
1.8  1.5 0.8 0.7 0.8 2.3  3.1 4.6 1.5 1.5
0.4  1.7 0.1 1.1 0.8 0.5 1.2 2.6 0.8 0.5
0.4  0.1 1.1 0.3 0.6 0.2 3.0 2.1 0.1 1.5
0.3  0.2 1.2 0.8 0.8 0.4 2.2 2.2 0.1 1.7
1.9  1.4 1.5 3.4 2.0 0.6 1.1 0.1 0.3 1.9
2.1  1.2 1.3 3.2 1.8 0.6 1.0 1.1 0.4 2.2
3.0  1.6 1.3 2.7 1.7 0.6 0.1 1.2 0.2 2.3
0.3  1.3 0.7 2.4 0.7 0.2 0.2 1.8 0.1 2.4
0.8  0.4 0.4 1.0 0.4 0.1 0.4 0.5 0.1 1.2
0.6  0.8 0.5 1.4 0.3 0.0 0.3 1.6 0.0 2.3
0.5  0.1 0.1 0.6 0.2 0.2 1.7 0.3 0.0 1.3
1.6  0.3 1.2 3.3 1.6 0.5 1.7 1.1 0.1 2.1
0.6  0.0 0.0 0.4 0.3 0.8 3.0 0.5 0.0 0.8
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ig. 2. Box plots show the range in the conditions of the analysed sites (N = 83) for 

redetermined threshold values are shaded in grey. The percentages indicate the am
xtreme values.

.2. Conditions of the analysed sites
The box plots shown in Fig. 2 demonstrate the large quality
radient covered by the analysed sites: regarding all variables for
hich threshold values have been established, at least some of

he sites meet reference condition requirements (except for bank
nmental predictors that will be considered for further analysis. Values that exceed
of sites exceeding predetermined limits. The box-plots do not consider outliers and

structures and floodplain corridors), meaning that the impact is
negligibly low, whereas other sites are considerably impacted and

fail to meet predetermined limit values. Due to this wide spectrum,
we assumed that the gradient of each analysed environmental
predictor was  sufficiently long to cause differences in species
composition and abundance structure of benthic invertebrate
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Table 4
Goodness of fit (R2 values) for simple linear regression (SLR) models. The levels of significance (p) for the regression models
are  represented by different shades of grey; ranging from dark to light grey: p < 0.001, p < 0.01, p < 0.05. White: Results
were not significant (p ≥ 0.05). Bold values indicate a negative relationship between a metric value and an environmental
variable. For description of metric types, see Table 1.
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ssemblages. Thus, the next step was to find an appropriate model
o describe the relationship between the environmental predic-
ors and benthic invertebrate assemblages, as described by metric
alues.

.3. Selecting the most appropriate regression model

The simplest type of regression model is the linear model. How-
ver, in a statistical sense, it is not always the best model. Therefore,
he degree to which any of the other 27 models was able to better
t the benthic invertebrate assemblage-based metric values was
alculated (Table 3). The comparison showed that taking all envi-

onmental predictors into account, the fit of any of the other 27
egression models was on average only 2.1 ± 2.59% better than that
f the linear model. Thus, the linear regression model was  consid-
red to be appropriate to fit all environmental predictors.
3.4. Fit of simple linear regression (SLR) models

Regarding single environmental predictors, the goodness of
fit (R2 values) was highest for chloride, oxygen, total organic
carbon, water temperature and arable land, especially for com-
position/abundance, richness/diversity and sensitivity/tolerance
metric types. However, the best models only rarely achieved R2

values higher than 0.30. Thus, only some of the SLR models were
able to explain more than 30% of the variability in the dataset, and
the predictability of the metric results based on single environ-
mental variables was limited. On average, the goodness of fit for
the SLR models was  better for physicochemical variables and land
use than for structural variables, and this difference was significant

for the composition/abundance, richness/diversity and sensitiv-
ity/tolerance metric types (Mann Whitney U-Test, all p < 0.01)
(compare “Mean goodness of fit (R2) for all variables and metric
types combined” in Table 3, lower block). The functional metrics
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howed the lowest R2 values on average for both physicochemical
nd structural variables (Table 4).

.5. Fit of multiple linear regression (MLR) models

Independent of whether the models took into account (a) all
ariables for water quality, (b) all variables for land use, (c) all
ariables for habitat structure or (d) the combination of the most
elevant environmental predictors, the goodness of fit (R2 values)
or the MLR  models was higher on average than for the SLR mod-
ls (Table 5). The models presented higher R2 values when they
ncluded physicochemical variables or catchment-scale land use
results under (a), (b) and (d)) than when they included reach-scale
tructural variables alone. The three different approaches to select
he most important variables, lead to a slightly different selection
f variables. For example the results for the metric EPT% under (a)
evealed that the variables chloride, oxygen and TOC were selected
or the best model. In addition orthophosphate and temperature
ere chosen in competing models, and the bootstrap revealed that

ll five variables were of relevance (Table 5). For many metrics,

hree physicochemical variables remained in the reduced mod-
ls. These variables were chloride, oxygen and total organic carbon
TOC). Regarding land use (results under b), the best model revealed
hat the amounts of artificial surfaces and arable land were of

able 5
a–d) Goodness of fit (R2) and level of significance (p) for the multiple linear regression m
ariables for land use, (c) all variables for habitat structure or (d) a subset of environmen
nder  (a), (b) or (c)). Variables that are not included by default are shaded in grey. For a 

odels were not significant. Variables remaining in the reduced models (red model) afte
**p  < 0.001, **p < 0.01, *p < 0.05. Variables which remained in almost as good model as the
ere  chosen after the bootstrap approach are indicated by the box.
ndicators 27 (2013) 83–96 91

importance for many metrics. However, the results for the com-
peting models and the bootstrap approach documented that the
amounts of pastures and forest were also of importance. Among
the structural variables, three variables were of relevance: bed
structures, variance in river depth and bank structures. However,
when including the combination of all environmental predictors
by default (d), almost none of the structural variables remained
in the best models. The bootstrap approach documented the rel-
evance of variance in river depth for the richness/diversity and
sensitivity/tolerance metrics. Regarding the four different metric
types, functional metrics performed less well on average than com-
position/abundance, richness/diversity and sensitivity/tolerance
metrics. Among the richness/diversity metrics, however, the model
results for the Shannon–Wiener and Simpson diversity indices as
well as evenness were poor or even non-significant.

4. Discussion

The aim of the present study was  to investigate whether ben-
thic invertebrate assemblages in streams are determined by local

habitat structure or by water quality and other large-scale factors,
such as land use in the catchment. For this end, we chose a cor-
relative approach, which is often applied (Campos-Aranda, 2011;
Wagenhoff et al., 2011; Seeboonruang, 2012) and which is less

odels. By default, the full model includes (a) all variables for water quality, (b) all
tal predictors (variables included in at least two of the reduced models calculated

description of metric types, see Table 1. n.s. indicates that the results of calculated
r backwards elimination are indicated by the corresponding level of significance:

 reduced model (applying the AICc approach) are indicated by “0”. Variables which
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Table 5 (continued )
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omplex than many other multivariate statistical methods. One of
he first steps in analysing the data was to find a mathematical func-
ion that most closely fits our data. The results clearly showed that
he most simple model – the linear model – performed better than
ther non-linear models. This justified our approach to assume the
ependent variable (in our case the metric) to be a linear function
f the independent environmental variable. This might be unex-
ected as nonlinearity is often associated with ecological data (e.g.
odds et al., 2010). In our case, however, the transformation of the
ata was sufficient to provide a linear relationship.

In our study, we did not just aim at finding the one and only
odel which fits the data best. One should be very cautious about

ttributing a level of importance to the variables that are included in
 single stepwise regression. The reason is that slight changes in the
ata can by chance lead to a very different set of variables that will
redict equally well (Chernick and LaBudde, 2011). We  accounted
or this by taking the results for the best model after subset regres-
ion into account and by also considering the results for competing
almost as good) models as well as the results for the bootstrap
pproach. This procedure lets us identify the most important envi-
onmental variables which explain the species composition and
bundance structure of benthic invertebrate assemblages.

The results of this study indicate the relevance of water qual-
ty and land use in the catchment (Table 5a, b and d). The variables
otal organic carbon (TOC), oxygen and chloride as well as the land-

se variables remained in many of the reduced models. High TOC
sually result from anthropogenic inputs, such as from fertilisers,
esticides, surfactants and solvents, either related to their direct
se or from inefficient sewage treatment plants (Visco et al., 2005).
Oxygen is physically linked to water temperature but is also corre-
lated with the concentrations of degradable substances, including
TOC, and nutrients such as nitrate or phosphate, as eutrophication
may  result in excessive growth of algae and macrophytes followed
by a reduction in oxygen as decay occurs. Chloride may  reach
surface waters from many sources, including agricultural runoff,
wastewater from industries, effluent from wastewater treatment
plants and road salting. Sources and correlates of TOC, oxygen and
chloride, are related to large-scale rather than to small-scale factors.
Therefore, these three variables can be considered a good proxy for
the type and intensity of anthropogenic land use in a catchment
(see Theodoropoulos and Iliopoulou-Georgudaki, 2010 for com-
parison). This conclusion was also reflected by our results. When
considering land use variables alone (Table 5b), the artificial sur-
face and arable land use variables were included in the majority
of the reduced models, with the exception of functional metrics,
which were not selected. However, in the most complex MLR  mod-
els (Table 5d), artificial surfaces and arable land use appear to be of
less importance than in the model presented in Table 5b, and thus,
information regarding the anthropogenic impact in the catchment
appears to be included within physicochemical variables.

The results of our study indicate that water quality and
land use in the catchment, explain the species composition and
abundance structure, rather than local scale habitat structure.
This contradicts the assumption that benthic invertebrate assem-

blages strongly respond to local habitat structure. For instance,
Sponseller et al. (2001) showed that benthic invertebrate indices
were most closely related to land-cover patterns evaluated at a
200 m sub-corridor scale, suggesting that small-scale, streamside
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evelopment effectively alters the structure of species assem-
lages. Similar results were found by Hunsaker and Levine (1995),
andin (2009) and Gombeer et al. (2011),  who described benthic
nvertebrate assemblages as being especially sensitive to a number
f local habitat factors. Also, there are several recent multi-stressor
tudies (Matthaei et al., 2010; Townsend et al., 2008; Wagenhoff
t al., 2011) highlighting that deposited fine sediment is a pervasive
tressor in running waters. Sediment load is another local fac-
or altering habitat quality, as a high sediment load might lead
o streambed colmation (Brunke, 1999). This would particularly
mpair burrowing species and may  reduce habitat availability,
specially if hard substrates, such as gravel, cobbles or boulders,
re covered by a thin layer of fine sediments.

In the present study, however, the performance of models
ncluding only variables related to local scale habitat structure

as poor (Table 5c). This was the case despite the fact that a
road spectrum of variables for habitat structure was included

n the analysis, such as variables that considered instream habi-
at structure (e.g., substrate diversity or variance in river width
nd depth) as well as bank, riparian or floodplain structure. These
esults are supported by other studies that have also attributed
ore influence to catchment land use than to reach-scale habitat

tructures (Herringshaw et al., 2011; Kappes et al., 2011; Morley
nd Karr, 2002; Roy et al., 2003; Stephenson and Morin, 2009).
he mentioned studies have in common that all study regions

ave experienced various anthropogenic disturbances, such as agri-
ulture and urbanisation. The latter appears to overwhelm local
actors. If this is true, benthic invertebrate assemblages in almost
ndisturbed catchments should react much more clearly on local
factors than it was the case in our study. Therefore, we should not
conclude that local factors such as the habitat structure at a study
site are not relevant for the species composition and abundance
structure. It is rather the land use in the catchment and water qual-
ity which seem to be of overriding importance compared to local
factors.

Thus, when we  attempt to predict and understand the effects
of multiple stressors on benthic invertebrate assemblages, which
is one of the most important challenges presently facing ecological
studies (Tockner et al., 2010), we should concentrate on large-scale
factors linked to land use practices in a catchment. These inter-
actions are complex, indicating that we  need to understand the
functional chains in river ecology, which may allow us to iden-
tify the initial stressors from which the negative impact on the
benthic invertebrate assemblages emanates. Our results showed
that a maximum of 62% of the variance in the analysed metric
values was explained by the reduced models (highest value for
R2 = 0.62). This finding indicates that in addition to the analysed
variables, other (environmental) variables might exist that explain
a considerable amount of the remaining variance in the benthic
invertebrate assemblages. One aspect might be due to the samp-
ling period of collected samples. The samples were taken in the
period of early spring to mid-summer of five years. This samp-
ling regimen might add an extra amount of variance to the data
set (between seasons and also between years). Taking the samples

within a more finite time period might have enhanced the preci-
sion of the predictive models. However, taking many samples in a
short time frame is often not easy to realise in water management
practice.
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.1. Performance of different metric types

The assemblage descriptors belonged to four metric types: com-
osition/abundance, richness/diversity, sensitivity/tolerance and
unction. The results obtained for the functional metrics were espe-
ially poor. This was true for the feeding types as well as for
unctional diversity indices. However, a rising number of studies
lready showed the high potential of functional metrics to reflect
he influence of environmental stressors better than, e.g. composi-
ion/abundance metrics (Dolédec et al., 2011; Statzner et al., 2001).
mong the richness/diversity metrics, the range of goodness of fit
alues for the model results was quite large. While models for num-
er of Ephemeroptera, Plecoptera and Trichoptera (#EPT), number
f Ephemeroptera, Plecoptera, Trichoptera, Coleoptera, Bivalvia
nd Odonata (#EPTCBO), and number of taxa, genera and families
orked well, the results for Shannon–Wiener diversity, evenness

nd Simpson diversity were comparatively poor. On the first glance,
hese results seem to be inconsistent. However, in contrast to the

ve metrics that only count the number of corresponding taxa,
he three last indices also account for the evenness of their abun-
ance. This means that comparatively high values for indices such
s Shannon–Wiener diversity can also be achieved under impaired
conditions, as long as the remaining taxa exhibit approximately
equal abundances. Thus, our results show that unspecific diver-
sity indices tend to be unsuitable for predicting the impact of
environmental factors on benthic invertebrate assemblages. These
findings are in line with other studies (Patrício et al., 2009; Peet,
1975; Washington, 1984). Therefore, the Shannon–Wiener diver-
sity index is only suitable to a certain extent for detecting changes.
We recommend further research to understand the behaviour of
ecological indicators in view of their crucial importance for man-
agement and protection practices.

4.2. Implications for water management practices

The results of our study highlight the importance of land-
use in the catchment and water quality for benthic invertebrate
assemblages. Thus, in a multiple stressor environment structural
restoration at the reach scale will yield a low benefit–cost ratio
and may  represent inappropriate investment prioritisation, at least

from the perspective of benthic invertebrate assemblages (Jähnig
et al., 2011). Of course, this might be different for catchments
where structural degradation is the only impact on the orga-
nisms. Future restoration projects should therefore not only aim
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o improve flow regime and channel form but also require a more
olistic approach (Sundermann et al., 2011a,b). Specifically, meas-
res aimed at reducing diffuse pollution, such as via extending
iparian corridors over longer river stretches, might have a more
ositive effect on benthic invertebrate assemblages compared to
mall-scale habitat improvement. Physical degradation alone may
nly shape benthic invertebrate communities significantly when
uperordinate stressors, such as intensive anthropogenic land use
ractices and related implications, can be neglected due to having

 low impact in a system (Kail et al., 2012).
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